Fish predation on zooplankton is the basic foundation for top-down biomanipulation of lacustrine ecosystems. To test this premise, we determined stable isotope (SI) values (δ 13 C and δ 15 N) of representative samples of major planktonic (phytoplankton, zooplankton), benthic (submerged macrophytes and associated epiphytes, benthic macro-invertebrates) and nektonic (fish) food-web components, collected from 3 to 7 shallow inshore locations (with additional plankton samples at 1 or 2 deep offshore sites) in Rietvlei Dam over a period of 30 months. The resulting δ 13 C values did not indicate significant consumption of zooplankton by fish, while the δ 15 N values for fish confirmed their wide trophic separation from zooplankton. Instead, SI values indicated that fish relied mostly on food resources of benthic origin (through direct consumption or piscivory). The SI signatures of individual fish species were consistent with their known feeding habits. The lack of trophic couplings between zooplankton and fish accords with previous gut content analyses of fish and analyses of zooplankton abundance and size structure in hypertrophic reservoirs. Marginal utilisation of zooplankton by indigenous reservoir fish is attributable to their native origin as riverine species unaccustomed to feeding on zooplankton. These findings indicate that top-down biomanipulation is unlikely to be effective as a management tool in eutrophic South African reservoirs. Primary producer components exhibited surprisingly wide and unsystematic temporal fluctuations in both δ 13 C and δ 15 N values; some potential contributory factors are considered. Changes in phytoplankton δ 13 C values were broadly tracked by zooplankton -their nominal consumers. Some questions arising from the study, and some apparently anomalous findings are identified and discussed.
INTRODUCTION
Nutrient pollution or cultural eutrophication is recognised as posing the major threat to water quality of inland fresh and coastal saline waters globally (Smith and Schindler, 2009 ). This well-known, serious and intransigent problem is symptomatically manifest in the excessive growth of primary producers released from intrinsic natural nutrient limitation, and generates a cascade of qualitative and quantitative changes in food-web structure and ecosystem functioning (e.g. Carpenter, 2005) . In affected lacustrine ecosystems, 'blooms' of 'phytoplankton' (both eukaryote protistan algae and/or prokaryote bacterial cyanophytes) commonly develop. Apart from resulting taste and odour problems and aesthetic considerations, water quality is seriously impaired; treatment costs for potable water increase, while cyanophyte toxins, released during bloom conditions, can seriously compromise human and animal health, sometimes with lethal consequences (Codd et al., 2005; Poste et al., 2011) .
Eutrophication is a growing problem in South Africa, and poses a critical threat to the inland water resources of this water-scarce nation, largely reliant on water stored in river impoundments (DWA, 2013) . At least 35% of water stored in such reservoirs is already classed as eutrophic or hypertrophic, with an additional 30% bordering on the eutrophic status (Harding et al., 2009) . Since this nutrient pollution is largely attributable to wastewater effluents (Harding, 2008) , the problem can be constrained by enforcing appropriate wastewater treatment and effluent discharge restrictions. In practice, such 'preventative' treatment has been largely ineffectual (e.g. DWA, 2009 ), leading to proposals to implement 'curative' measuresnotably 'biomanipulation' (Shapiro et al., 1975) -to rehabilitate highly eutrophic systems such as Hartbeespoort Dam (Anon. 2004a , 2004b Harding et al., 2004) .
Biomanipulation is well known as a management tool for eutrophic systems (e.g. Gulati et al., 1990; Moss, 1998; Hansson et al., 1998) which relies on a logical but deceptively simple approach, namely, the restriction of excessive phytoplankton growth by enhancing the 'grazing' pressure exerted by 'herbivorous' zooplankton, particularly large-bodied Daphnia, through removal or reduction of zooplankton predators, especially zooplankton-feeding fish (hereafter termed zooplanktivores). Such 'top-down' biomanipulation through food-web restructuring has featured prominently in global attempts to fight eutrophication, especially in shallow natural lakes, although its success has been variable (e.g. Gulati et al., 1990) , and of questionable sustainability (e.g. Benndorf, 1992; Shapiro, 1995; Rask et al., 2002; Gliwicz, 2005; Søndergaard and Jeppesen, 2007; Sierp et al., 2011) . Of greater contextual relevance to this study, its suitability in warmer waters is increasingly questioned (Jeppesen et al., 2005 (Jeppesen et al., , 2007 (Jeppesen et al., , 2010 Iglesias et al., 2011; Akhurst et al., 2012) .
A fishery assessment of Hartbeespoort Dam (Koekemoer and Steyn, 2005) revealed a dominance of 'coarse' fish -indigenous catfish (Clarias gariepinus) and canary kurper (Chetia flaviventris), and the exotic carp (Cyprinus carpio), deemed 'undesirable' on account of their stated predation on zooplankton. It was argued that selective removal of these fish would reduce predation on zooplankton, thereby increasing grazing pressure on phytoplankton and thus ameliorating the consequences of eutrophication. In addition thereto, these species impart other negative impacts on aquatic food-webs: high densities of benthic-feeding carp can impart significant bioturbation (bottom-up) impacts in aquatic habitats (e.g. Robertson et al., 1997) and cyprinid removal programmes are becoming increasingly common (e.g. Pinto-Coelho et al., 2005) . With respect to food-web disruption, Chetia flaviventris is an extremely efficient carnivore, imparting significant impacts on invertebrates and larval fish (Harding and Koekemoer, 2011) . Sharptooth catfish (Clarias gariepinus) exerts a high predatory impact on aquatic food-webs (e.g. Kadye and Booth, 2012) .
However, the regional relevance of this intervention measure for eutrophic reservoirs was challenged by Hart (2006) on two fundamental ecological grounds. Firstly, Microcystis, the predominant planktonic autotroph in such waters, is largely inedible to Daphnia (Jarvis et al., 1987) , intrinsically constraining potential top-down 'grazer' control of primary production. Secondly, as these reservoirs do not support a guild of zooplanktivores, fish predation on Daphnia and other 'herbivorous' zooplankton is limited, negating the need for fish removal. In the absence of specialist 'pelagic' zooplanktivores, Hart (2006) postulated that zooplankton predation by fish would be confined to opportunistic feeding by juvenile fish, restricting its occurrence both spatially, to near-shore littoral regions occupied by juvenile fish sheltering from their own predators (e.g. Werner et al., 1983; Schlosser, 1987) , and also temporally to the fish breeding season.
The present study was planned to test the challenges raised by Hart (2006), using Hartbeespoort Dam as an empirical case study prior to implementing fish removal there (or in other neighbouring eutrophic reservoirs also dominated by 'coarse' fish (Harding and Koekemoer, 2011) ). However, preemptive fish removal commenced as a remedial intervention in Hartbeespoort in 2007 and has continued since (Venter et al., 2012) . As permission was not granted to conduct the present study on Hartbeespoort Dam, the project was relocated to the hypertrophic Rietvlei Dam.
We stress that the study was confined to examining prospects for 'top-down' biomanipulation. It rests on the null hypothesis, stemming from Hart (2006) , that fish-zooplankton couplings are absent or weak in eutrophic South African reservoir ecosystems.
We used stable isotope analysis (SIA) to assess the extent to which zooplankton featured in the diet of any major fish species in Rietvlei. SIA is a well-known and widely accepted technique that uses stable isotopes (SI) of carbon and nitrogen to examine feeding links and associated food-web structure and dynamics (Peterson and Fry, 1987; Post, 2002; Thompson et al., 2005; Grey, 2006; Fry, 2006; Karasov and Martínez del Rio, 2007) . Fundamentally, the ratio of 13 C to 12 C isotopes -denoted as δ 13 C (in units of ‰), provides a distinctive signature that reflects the origin (primary producer source) of a particular food, and allows it to be identified and tracked as it travels through successive consumers (DeNiro and Epstein, 1978) . The corresponding ratio of 15 N to 14 N (δ 15 N) provides a parallel indication of the number of 'steps' through which a particular food (identified by its δ 13 C value) has been transferred in the food-web, i.e., the trophic level of the consumer involved (DeNiro and Epstein, 1981; Fry and Sherr, 1984) .
Metabolic differentiation of heavier and lighter isotope fractions in catabolic and anabolic pathways results in successive step-wise isotopic shifts (trophic fractionation values) between a particular food and its subsequent consumer(s). As trophic fractionation is influenced by a variety of factors (Adams and Sterner, 2000; McClelland and Montoya, 2002; McCutchan et al., 2003; Vanderklift and Ponsard, 2003) , values vary both within and between ecosystems, and fractionation values (of N in particular) should ideally be determined for individual consumers on a case-by-case basis (Mill et al., 2007 SIA is increasingly used globally in freshwater research (Grey, 2006) and has been applied in South African estuarine ecosystem food-web studies (e.g. Froneman, 2002; Kibirige et al., 2002; Richoux and Froneman, 2007) . To our knowledge, its use in South African freshwater ecosystems has been limited to dietary analysis of single species (Kadye and Booth, 2012) , and this is the first integrated SI study of an integrated food-web of a lacustrine ecosystem in the country. ) is enigmatically low, plausibly on account of its nitrogen-limited status (Ashton 1981) . During this study (July 2009 to December 2011), the reservoir was thermally stratified at approximately 6 m depth between September and February, and fully mixed between March and August. During thermal stratification, dissolved oxygen saturation levels at depths below ~8 m were commonly < 20% (Harding et al., 2012) .
STUDY SITE

MATERIALS AND METHODS
The locations of sites used for regular sample collections during the study are shown in Fig. 1 , while Table 1 provides a breakdown of resulting SI determinations made for the various foodweb components examined.
Sample collection, preparation and processing
The protocol followed by this study was in accordance with that of Jeppesen et al., (2002) , as well as guidelines provided to the researchers (Jeppesen, 2008) .
Plankton was collected qualitatively using repeated vertical hauls with Wisconsin-type plankton nets. Phytoplankton was collected in hauls from a maximum depth of 7 m to the surface with a net of 20 µm mesh aperture, and zooplankton in hauls from just above the lake bed to the surface using an 80 µm mesh net. The resulting concentrated plankton-bucket samples 
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were diluted with 20 µm-filtered lake water to roughly 500 mℓ and stored in sealed 1 ℓ containers in a cold-box for return to the field laboratory within ~ 2 h. In the field laboratory, phytoplankton samples were sieved through a 35 µm screen to remove zooplankton before oven-drying at ± 60 o C. Lake water filtered through 20 µm mesh was used to rinse zooplankton samples thoroughly, and to make up several live subsamples (~ 1 ℓ) which were stored overnight at ± 4 o C to allow gutclearance since gut mass inclusion may introduce substantial errors of >3‰ in copepod δC and δN values (Feuchtmayr and Grey, 2003) . These subsamples were subsequently pooled, and differentially filtered through 200 and 50 µm mesh sieves to provide 3 zooplankton size fractions, hereafter termed 'large' (>200 µm), 'medium' (≥50 ≤ 200 µm) and 'small' (<50 µm), for vacuum-concentration and oven-drying at ± 60 o C. All samples of plankton (and other food-web components -see below) were stored dry until SIA.
Two dominant macrophyte groups were recorded during this study, these being marginal stands of the emergent reed Phragmites australis and the submerged pondweed, Potamogeton, the latter comprising 3 species (P. pectinatus, P. schweinfurtii and P. crispus). This macrophyte assemblage remains unchanged from that recorded previously (e.g. Ashton, 1980) , although the shoreline fringe of P. australis has become increasingly dominant in response to stabilised water levels (Harding, personal observation). Macrophyte samples comprised pooled collections of leaves of various Potamogeton species cut from the plant canopy at roughly 30 cm below the surface. Samples were washed clean of sand and silt, and kept cool and fresh prior to air-drying at ~ 60°C. Epiphyte samples (largely diatoms) were collected off the macrophyte leaves, using the 'shake in bag' method (Taylor et al., 2007) . The resulting suspensions were concentrated by settling before drying and storage for SIA. Benthic macro-invertebrates (zoobenthos) were collected adjacent to macrophyte sampling sites using a standard Birge-Ekman sediment grab sampler. Samples were 618 sieved through 1 mm mesh screens to separate zoobenthos from sediment, before removing the former for drying and storage. Zoobenthos sampling was initiated only when unfolding SI results supporting our null hypothesis regarding fishzooplankton couplings invoked the need to consider alternative food sources.
Fish were collected in gill-nets set overnight in October 2009, using the procedures described in Harding and Koekemoer (2011) . The logistical constraints for this study precluded the use of other fishing gear. Samples of dorsal muscle were removed from specimens of measured fork or total length (FL or TL) and fresh weight, wrapped in tin foil and frozen until oven-dried at 60°C and then stored in a desiccator pending SIA. Additional samples of 'coarse' species of unrecorded size were collected from anglers when the opportunity arose.
Stable isotope analysis
Values of δ 13 C and δ 15 N of dried samples were determined by the Stable Light Isotope Unit laboratory at the University of Cape Town. Samples weighed to ± 1 µg with a Sartorius microbalance were encapsulated in tin cups, and combusted in a Flash EA 1112 series elemental analyser (Thermo Finnigan, Milan, Italy) coupled to a Delta Plus XP Isotope Ratio Mass Spectrometer (Thermo electron, Bremen, Germany) through a Conflo III gas control unit (Thermo Finnigan, Bremen, Germany). Routine calibration samples were run in parallel, using a range of in-house standards (as listed below), all calibrated in turn against IAEA (International Atomic Energy Agency) standards.
The standards used were: R is the ratio of heavy to light isotopes of the element (X) in samples (R sample ) and standards (R standard ).
Nitrogen is expressed in terms of its value relative to atmospheric nitrogen, while carbon is expressed in terms of its value relative to Pee-Dee Belemnite. The precision of repeated measurements was approximately 0.1‰ for both δ 13 C and δ 15 N. Although lipid content is well known to affect δ 13 C values, there is neither consensus on the need to correct for its influence (Post et al., 2007) , nor any standard correction protocol (Logan et al., 2008) . As chemical lipid-extraction prior to δ 13 C determination can alter parallel determinations of δ 15 N on the same sample (Post et al., 2007) -although this is neither inevitable (Ingram et al., 2007) nor consistent (Logan et al., 2008) -a posteriori mathematical normalisation of δ 13 C values using the lipid-correction equations is often used. Recommendations in this regard also remain contradictory (Kiljunen et al., 2006; Post et al., 2007; Smyntek et al., 2007) , underscoring uncertainties that persist in ecological use of SI (Gannes et al., 1997; Karasov and Martínez del Rio, 2007) . Following Post et al. (2007) , we corrected for both autotroph and consumer values rather than zooplankton alone (Smyntek et al., 2007) . The corrections (∆δ 13 C) rely on % carbon values (%C) and carbon to nitrogen ratios (C:N) determined routinely during SIA:
• For autotrophs (phytoplankton, macrophytes and epiphytes) ∆δ 13 C = -3.02 + 0.09 x %C (where %C ≥ 40%) ∆δ 13 C = -5.83 + 0.14 x %C (where %C < 40%) • For consumers (zooplankton, zoobenthos and fish) ∆δ 13 C = -3.32 + 0.99 x C:N.
Logistical constraints for this pilot study did not allow for carbonate removal prior to analysis. However, as per Søreide et al. (2006) , this step was deemed unnecessary.
Statistical analysis and data interpretation
All basic data analysis was undertaken with Microsoft Excel 2010. Statistical tests were undertaken using Statistica 7 and the Data Analysis Package in Excel. Conventional parametric correlation analysis was used to determine Pearson's r. Analysis of variance was used to test between-site differences in average SI values (one-way ANOVA) and to compare within-site and between-time variability (two-way ANOVA). Differences were considered statistically significant at p < 0.05. Potential food linkages between zooplankton and fish taxa were examined using overall average δ 13 C and δ 15 N values of zooplankton (large and medium size classes -see 'Results' section) and individual fish species. A consolidated food-web for the Rietvlei system was assembled using average values of other food components listed in Table 1 . Separation of ≥ 0.4‰ in 95% limits of δ 13 C was interpreted as a firm contra-indication of dietary coupling between respective food-web components, while a corresponding difference of ≥ 2.4‰ in average δ 15 N values was interpreted as one trophic level separation (McCutchan et al., 2003) .
RESULTS
Stable isotope variation in primary producer food sources and zooplankton consumers
Temporal changes in δ 13 C and δ 15 N values of phytoplankton (P), macrophytes (M) and epiphytes (E) through the study are shown in Fig. 2 . Unexpectedly wide fluctuations were evident in both isotopes (e.g. 12.5‰ and 17.5‰ for phytoplankton δ 13 C and δ 15 N). Temporal covariance between δ 13 C values of these autotrophic components was also surprisingly weak, with Pearson correlation coefficients (and p values) of 0.210 (0.418), 0.315 (0.345) and 0.620 (0.042) for P vs. M, P vs. E and M vs. E, respectively. Comparable statistics for δ 15 N were 0.030 (0.908), 0.123 (0.719) and 0.571 (0.066). Isotope values of epiphytes and macrophytes were expected to correspond closely on account of their intimate physical association, but correlations were just significant (p = 0.042) for δ 13 C and weak (p = 0.066) for δ 15 N. The regularity and consistency of phytoplankton sampling at inshore and offshore sites permitted an examination of spatial variation in stable isotope values of this autotrophic component. One-way ANOVA of samples at Sites P1 to P4 on 15 dates showed no significant between-site differences in either δ 13 C ( 619 Two-way ANOVA for the same data demonstrated a highly significant temporal effect on both δ 13 C (F 3, 14 = 58.893, p << 0.001) and δ 15 N (F 3, 14 = 71.398, p << 0.001), with insignificant between-site differences (p = 0.127 for δ 13 C and p = 0.254 for δ 15 N).
In keeping with anticipated direct trophic linkages, temporal covariance in δ 13 C was strong between zooplankton and phytoplankton ( Fig. 2) 
Feeding links between zooplankton and fish
Figure 3 provides a consolidated biplot of overall average δ 13 C and δ
15 N values of the food-web components examined in this study. Before considering zooplankton as a dietary component for fish, we examine some aspects of the zooplankton SI values themselves.
Average δ 13 C signatures of large and medium zooplankton size fractions were statistically indistinguishable, but greatly enriched by around 3‰ (Fig. 3) in small zooplankton. The average δ 15 N value of small zooplankton was also disparately depleted, lying roughly one trophic level below medium and large zooplankton separately (−2.45‰, −3.39‰), or on aggregate (−2.9‰). More surprisingly, small zooplankton were both δ 15 N depleted (−0.79‰) and δ 13 C enriched (+2.76‰) relative to phytoplankton. Regular microscopic inspections of small 'zooplankton' samples (< 50 µm) revealed an invariable (and 620 physically unavoidable) inclusion of large autotrophic genera such as Ceratium, Aulacoseira, Pediastrum and Microcystis, which often comprised a large and sometimes volumetrically predominant fraction of this notional 'zooplankton' sample. This phytoplankton 'contamination' may partly explain the δ 13 C enrichment noted above. Lipid correction (see 'Methods' section) using the 'consumer' equation adjusted 'raw' δ 13 C values by +3.98‰ on average, whereas use of 'autotroph' equations resulted in a change of only +0.88‰; based on the latter, lipid-corrected δ 13 C values of all fractions are statistically comparable. Owing to this variable 'contamination' by autotrophs, subsequent consideration of zooplankton in the food-web is based exclusively on large and medium size fractions -individually or on aggregate.
Excluding the single specimen of Micropterus, Fig. 3 shows clear differences between average δ 13 C signatures of zooplankton and all fish species, with clear statistical separation for all taxa apart from Clarias, which overlapped minimally with large and medium zooplankton). On average, fish were clearly δ 13 C enriched (right-shifted) by between +2 and +4‰ relative to aggregate zooplankton (Table 2) . These results clearly exclude zooplankton as a direct food source for any fish species apart from Clarias, for which 95% separation (0.09‰) did not meet the prescribed 0.4‰ minimum, despite an average difference of 1.8‰. Average δ 15 N values of fish were between +4 and +8‰ higher than zooplankton (Table 2) , indicating their dietary placement between nearly 2 and 3-plus nominal trophic steps above zooplankton. Although Tilapia was closest to zooplankton in terms of δ 15 N (+4‰), its 3.75‰ higher δ 13 C value clearly negates its utilisation of zooplankton. Of greater relevance to this study, δ 15 N enrichment in Clarias (+6.4‰) indicates its position nearly 3 trophic steps above zooplankton. Thus, despite its statistical proximity to zooplankton in terms of δ 13 C (see above), zooplankton is negated as a direct food source. Collectively, the δ 15 N signatures affirm the general trophic separation of fish and zooplankton evident in the corresponding δ 13 C signatures. It should be noted that, although average zooplankton δ 15 N values were +1.25, +1.13 and +0.96‰ higher up until October 2009 than thereafter, for large, medium and aggregate fractions, respectively, (t and (p) values of 2.54 (0.01), 2.08 (0.04) and 2.51 (0.01), respectively), the corresponding δ 13 C values were indistinguishable (respective t (and p) values of 0.23 (0.82), 1.07 (0.29) and 1.11 (0.23)). Accordingly, neither the temporal inconsistency in sampling coverage of fish and zooplankton components (Table 1) , nor the wide temporal variation observed in planktonic components, compromise the overall conclusion that zooplankton are insignificant in fish diets.
In the context of this study, the SI values of 'coarse' fish (Clarias, Cyprinus and Chetia) are of particular relevance. Zooplankton is clearly negated as a direct food source for these fish (Table 2) , both on the basis of food type (2.6‰ difference in δ 13 C), and trophic level (6.0‰ difference in δ 15 N). And, as noted above, despite the proximity of 95% limits for δ 13 C in Clarias, its average δ 15 N enrichment of +6.4‰ strongly contraindicates direct feeding on zooplankton. Morphologically, Chetia seems the most likely visual zooplanktivore among the coarse fishes. However, it showed very wide separation from zooplankton, both in δ 13 C (+3.9‰) and δ 15 N (+6.3‰), strongly counterindicating its prospective zooplanktivory. The overall evidence indicates that zooplanktivory by coarse fish is negligible, and totally excludes obligate or exclusive zooplanktivory.
Wider perspectives on overall food-web structure and fish diets
Given that zooplankton is essentially excluded as a significant dietary component of both 'coarse' and other fish (see preceding section), the alignment of most fish δ 13 C values with macrophytes (Fig. 3) is consistent with their reliance on a 'benthic' primary food resource -the only alternative aquatic source for non-piscivorous fish. The generality of this fish-benthic coupling is more obvious (and statistically stronger) for aggregated fish data (Table 3) than taxon-specific values (Fig. 3) . Although δ 13 C values of Cyprinus and Clarias lie between those of planktonic and benthic primary producers (macrophytes) (Fig. 3) , evidence that they use planktonic resources by eating zooplankton is weak. The restricted data for zoobenthos suggests their role as a trophic intermediary, although their δ 15 N values are lower than expected in this regard. Broad overlap of zoobenthos and epiphyte δ 13 C values, in contrast to the limited overlap between fish and epiphytes, accords with general differences in 'habitat' and feeding abilities of zoobenthos In keeping with their nominal role as phytoplankton feeders, overall average δ 15 N values of large and medium zooplankton were significantly enriched relative to phytoplankton (Table 3) , by +2.6‰ and +1.7‰, respectively, (one or nearly one trophic level above phytoplankton). On average, δ 15 N values were surprisingly lower (by −0.8‰) in small zooplankton than phytoplankton. Although statistically insignificant, this difference is nevertheless anomalous (unless the large phytoplankton 'contaminants' in this fraction themselves have lower δ 15 N values than the collective phytoplankton assemblage).
Excluding Micropterus, fish δ 13 C values indicate dietary overlap across all species, apart from separation between Clarias and both Chetia and Pseudocrenilabrus (Fig. 3) . Nevertheless, the δ 13 C and δ 15 N profiles are encouragingly coherent with their respective foods and feeding biology as summarised by Skelton (1993 
DISCUSSION
Reality of and basis for a predominantly benthic food-web
The present SI findings reflect a reliance of fish on food resources of benthic rather than planktonic origin. Is this a realistic reflection of trophic structure in Rietvlei, or merely an artefact of spatial bias in our fish samples (all collected from shallow inshore/littoral regions)? Importantly, the overriding benthic food flow to fish reflected in the SI data (Fig. 3, Table 3) was manifest despite high levels of total zooplankton biomass in inshore regions (Hart, 2012) , concurrently with the 'benthic' resources available. Further, zooplankton biomass was not only high, but also comprised a strong component of large-bodied Daphnia (Hart, 2012), well-known to be selectively predated by zooplanktivorous fish (e.g. Jeppesen et al., 2003; Gliwicz, 2005; Lampert 2006; Gliwicz et al., 2010 ) -a keystone feature of the classical size-efficiency hypothesis (Brooks and Dodson, 1965; Hart and Bychek, 2011) . These findings firmly substantiate our overall conclusion that the food-web leading to fish in Rietvlei is primarily routed through benthic rather than planktonic resources. The fate of planktonic primary production cannot be determined from the present analysis, but is logically expected to fuel a separate detritus-based food chain with some indirect links and subsidies to fish via zoobenthos.
Fish are increasingly recognised as 'integrators' of benthic and pelagic food-webs in (natural) lakes (Vander Zanden and Vadeboncoeur, 2002) . This stems from the widespread utilisation of both planktonic and benthic resources ('trophic duality') of lacustrine fish, and results in δ 13 C signatures being weighted averages of the proportional contribution of food types in the mixed diet. The fish results for Rietvlei (Fig. 3) provide little indication of such dietary mixing; apart from Clarias, their δ 13 C signatures are not convincingly intermediate between planktonic and benthic primary producers (epiphytes excluded), but rather align with benthic macrophyte resources.
The absence of trophic duality in Rietvlei fish is logically explicable from obvious fundamental differences in ecosystem structure and functioning of lacustrine and riverine ecosystems (e.g. Wetzel, 2001 ) that generate consequential differences between natural lakes and reservoirs. Natural lakes are generally plankton-dominated ecosystems, in which specialist planktivorous fish have evolved to utilise this resource. In contrast, the general scarcity of plankton in flowing waters precludes the evolution of planktivorous riverine fish. Native reservoir fish comprise a subset of species derived from the riverine assemblage, and consequently lack planktivorous species able to exploit planktonic resources that proliferate in the resulting artificial lake. Hardly surprisingly, zooplankton does not feature in the diet of 'indigenous' reservoir fish, commonly leading to purposeful introductions of specialised non-native Table 3 Lower and upper 95% confidence limits of stable isotope values of the specified components (disregarding negative δ 13 C notation for clarity). Values of δ 13 C are aligned to emphasize the distinction between traditionally planktonic and benthic sources (despite 3-fold domination of the former by near-shore samples). 622 pelagic zooplanktivores to fill a vacant trophic niche. The Lake Tanganyika sardine Limnothrissa miodon in Lake Kariba (Marshall, 1991 ) is a notable African example; in Australian reservoirs, zooplanktivory is mostly attributable to alien fish (Matveev et al., 2002) .
Pelagic fish are undoubtedly scarce in South African reservoirs. Offshore stocks of species that occur (more likely as migrants than residents) in open water (notably Clarias and Cyprinus) are certainly relatively low -implicitly accounting for the restriction of collecting activities and sampling efforts to near-shore/littoral regions (e.g. see NIWR, 1985; Koekemoer and Steyn, 2005; Harding and Koekemoer, 2011) . In keeping with this, zooplankton-phytoplankton (Z/P) biomass ratios determined from offshore samples are relatively high (Hart, 2011) , on account of limited zooplanktivory. And contrary to the general decline in Z/P values with trophic status observed in natural lakes, attributed to rising fish predation and justifying fish removal (Jeppesen et al., 2003) , they rise with trophic status in South African reservoirs (Hart, 2011) . Thus, any need for fish removal in the 'pelagic' zone, which generally covers most of the surface area and invariably holds the greatest volume of water stored in reservoirs, is accordingly negated. In effect, biomanipulation is rendered redundant.
Biomanipulation proposals for South African reservoirs were advocated on grounds of reducing 'coarse' fish said to dominate in eutrophic and hypertrophic reservoirs. However, such dominance is not strictly limited to, or inevitable in eutrophic systems. Coarse fish accounted for 39.1 to 71.3% (average = 64.2%) of total fish biomass in 2 eutrophic and 3 hypertrophic systems, and from 39.3 to 79.7% (average = 55.2%) in 2 mesotrophic 'control' reservoirs surveyed by Harding and Koekemoer (2011) . Apart from their negligible role in zooplanktivory, their stated undesirability on account of bioturbation will certainly be spatially limited by hypoxic conditions that develop in eutrophic waters, especially in summer.
The insignificance of zooplankton in the diet of Rietvlei fish accords with previous findings for Hartbeespoort Dam, a nearby hypertrophic system (NIWR, 1985) . Although zooplankton was recorded in the diet of all four major fish species in that ecosystem, it occurred, respectively, in only 25%, 12%, 6% and 4% of Clarias, Oreochromis mossambicus, Cyprinus and Chetia specimens examined (n = 76, 745, 136 and 95) (see Fig. 5.76 in NIWR, 1985) . Even the highest value (25% in Clarias) does not reflect dietary importance; a similar value (26.1%) reported for this species elsewhere translated into a gravimetric contribution of <0.10% (Kadye and Booth, 2012) ). Conversely, the importance of benthic components (zoobenthos, aquatic insects, detritus and plant matter) in the diets of Clarias, Cyprinus and Chetia in Hartbeespoort Dam (NIWR, 1985) strongly implies that its food-web is also predominantly based on benthic rather than planktonic resources, notwithstanding an enormous biomass of planktonic Microcystis (NIWR, 1985) .
Opportunistic zooplanktivory
Suggestions regarding opportunistic zooplanktivory by juvenile fish (Hart, 2006 ) cannot be tested using the present SI results mostly obtained from adult specimens (see Table 1 ). Nevertheless, regular comparative determinations of zooplankton abundance and composition at inshore and offshore sites (undertaken concurrently with this SI study) provided no indications of significant fish predation on zooplankton, either spatially or temporally (Hart, 2012) . Volumetrically, total zooplankton biomass was invariably higher inshore than offshore, with broadly equivalent contributions of large-bodied Daphnia, and did not vary over time in any way suggestive of seasonal changes in fish predation linked to increases in juvenile fish stocks (Hart, 2012) .
A previous study of seasonal differences in the diets of different size-classes of fish in Hartbeespoort Dam (NIWR, 1985) found that little zooplankton was consumed by juvenile Cyprinus, while juvenile Clarias consumed none. Only larger catfish (> 500 g) have a buccal cavity large enough to 'gulp' and screen sufficient volumes of water to catch meaningful quantities of zooplankton (Bruton, 1979) . Although no information was obtained for Chetia, zooplankton formed an important dietary component of juvenile Oreochromis, another cichlid, during summer (NIWR, 1985) . These mixed observations on the existence and extent of zooplanktivory by juvenile fish identify a need for further investigation of this topic. For example, how does the well-known shelter-seeking behaviour exhibited by many juvenile fish to avoid daytime predators (e.g. LoweMcConnell, 1987; Wootton 1990; Gerking, 1994; Jobling, 1995) influence their potential role as visual zooplanktivores? Does zooplanktivory by fish larvae differ between mouth-brooding taxa and those lacking this parental protection? It is widely stated that fish almost invariably rely on planktonic resources at some (especially larval or juvenile) stage of their lives (e.g. Duncan, 1997; Wootton, 1990; Gerking, 1994; Jobling, 1995) . Is this truly applicable among riverine taxa, particularly those eventually found in reservoirs?
Isotope variability and its origins
Some variability in ambient δ 13 C and δ 15 N values in reservoir ecosystems understandably stems from variations in the type and quantity of land-derived solutes and particulates of potentially different 13 C and 15 N content carried by their influent rivers. However, based on the SIA precept of unique δ 13 C signatures for given food items, for example −28‰ for C3 and −13‰ for C4 plants (Peterson and Fry, 1987; Karasov and Martínez del Rio, 2007) , the range in absolute SI values and their temporal variability in Rietvlei were unexpectedly large (Fig. 2) . Site-averaged δ 13 C values of primary aquatic food sources varied around twofold during this 30-month study (from −27.8 to −15.3‰ in phytoplankton, −26.9 to −16.9‰ in macrophytes and −23.1 to −10.5‰ in epiphytes). The corresponding ranges for δ 15 N were 2.9 to 20.3‰, 12.0 to 21.1‰ and 13.3 to 17.8‰. These variations, largely of temporal origin (Fig. 2) , strongly endorse Grey's (2006) cautions regarding the use of once-off samples to deduce trophic linkages in a 'complete' food-web comprising biotic components with widely different rates of isotopic assimilation.
Explaining this variability is not simple. Phytoplankton rely on various forms of dissolved inorganic carbon (DIC), principally CO 2 , HCO 3 -and CO 3 2− , as a carbon source (Reynolds, 2006) . The 13 C content of these moieties is determined by the respective contributions of atmospheric, geological and organic components of the carbon cycle to gaseous and eventually dissolved CO 2 (Peterson and Fry, 1987) . Changes in the source(s) and mix of these carbon components drive changes in the 13 C content of DIC, with subsequent photosynthetic carbon fractionation influencing the eventual δ 13 (Riebesell et al., 2000) , such that δ 13 C differences >10‰ can exist between co-occurring phytoplankton taxa (Vuorio et al., 2006) . Temporal changes in taxonomic composition can thus influence the δ 13 C value of pooled phytoplankton. Temperature-controlled changes in CO 2 solubility which influence photosynthetic 13 C fractionation result in further temporal variability in phytoplankton δ 13 C. Thermal stratification strongly influences eventual δ 13 C values as a result of its effects on interacting physical, chemical and biological processes (Zohary et al., 1994) .
The complexity of such influences precludes a direct explanation for the changes in δ 13 C observed in Rietvlei. Other studies of freshwater phytoplankton have found both considerably greater (~28‰: Vuorio et al., 2006) and far smaller (~ 3‰: Grey and Jones, 2001; Caroni et al., 2012) temporal changes in δ 13 C than observed in Rietvlei (12.5‰).
Biotic nitrogen supplies also comprise a mixture of various inorganic and organic components differing in 15 N content, eventually reflected in the δ 15 N values of primary producers. Since selective bacterial uptake of 14 N in sewage treatment plants is widely known to result in 15 N-enriched effluents (Heaton, 1986) , some of the temporal variation in autotroph δ 15 N values in Rietvlei (Fig. 2) plausibly arises from changing effluent releases from the Hartbeesfontein wastewater treatment works upstream on the Hennops River.
As for carbon, wide taxonomic differences in δ 15 N are also evident, with a range of up to 11‰ reported in co-occurring taxa (Vuorio et al., 2006) ; some explanations regarding δ 13 C variation given above pertain for δ 15 N. The radical and inexplicable decline in phytoplankton δ 15 N in the winter of 2010 (Fig. 2 ) is particularly noteworthy, given that no corresponding decline was evident either in other producers (macrophytes) or their putative consumers (zooplankton). Intriguingly, phytoplankton and zooplankton δ 13 C values were also lowest at this time (Fig. 2) .
Zooplankton food sources
The close correspondence of δ 13 C values in zooplankton and phytoplankton is consistent with anticipated feeding links between them. However, given recent recognition that zooplankton in small lakes relies heavily on allochthonous (terrestrial) carbon sources (e.g., 30-40% of their diet: Cole et al., 2011) , it is also enigmatic. In reservoirs, direct imports of terrestrial POM by influent rivers are expected to provide a major, probably greater 'subsidy'. Do zooplankton and phytoplankton δ 13 C values in Rietvlei correspond because such allochthonous POM is not a significant food resource for its zooplankton? Or are the δ 13 C values of phytoplankton and POM simply comparable?
The correspondence in zooplankton and phytoplankton δ 13 C values is also notable given the dominance of large colonial or filamentous phytoplankton in hypertrophic systems like Rietvlei (Harding et al., 2012) and Hartbeespoort (NIWR, 1985) . These producers are too large for direct consumption by zooplankton, particularly daphniids (e.g. Jarvis et al., 1987; Hanazato, 1991) , resulting in a broken food link and large accumulations of detritus (NIWR, 1985) . Although bacteria alone accounted for <3% of the diet of cladoceran zooplankton in Hartbeespoort Dam (Hart and Jarvis, 1993) , the ability of cladoceran and copepod zooplankton to consume and assimilate Microcystis detritus revealed in a recent SI study (Yu et al., 2013) suggests that alignment of phytoplankton and zooplankton δ 13 C values might partly reflect direct consumption of particulate detritus.
CONCLUSION
This study confirms the futility of 'top-down' biomanipulation as a counter-measure to manage eutrophic South African reservoirs. It endorses early warnings of an apparent panacea 'unsoundly based on many half-truths, much hand-waving and over extrapolation of data ' (DeMelo et al., 1992) . The probability that phytoplankton levels can be effectively controlled via top-down control of fish appears to be low (Benndorf, 1992) , while positive control of food-webs remains elusive in large lakes and reservoirs (Matena et al., 1994) for many fundamental reasons (Gliwicz, 2005) . Nutrient control remains the paramount focus for restoring eutrophic lakes (e.g. Moss et al., 2004) , endorsing the maxim 'prevention is better than cure'. The determination and enforcement of system-specific total maximum daily (or annual) nutrient load limits (TMDLs) is essential for future conservation of potable water resources (Harding, 2008) .
